
 
Assessing the effect of different forest management practices on 
streams using specific biotic indicators  
 
 
1 A. Lecerf,  2 E. Rott & John S. Richardson 
University of British Columbia, Department of Forest Sciences, 3041 – 2424 Main 
Mall, Vancouver, BC, V6T 1Z4  Canada 
 
[ Antoine.Lecerf@ubc.ca ,  Eugen.Rott@uibk.ac.at ,  John.Richardson@ubc.ca ] 
 
Current address: 
1. Lecerf: Laboratoire d’ecologie fonctionnelle 
2. Rott: Botanical Institute, University of Innsbruck 
 
 
 
 
 
 
 

mailto:Antoine.Lecerf@ubc.ca
mailto:Eugen.Rott@uibk.ac.at
mailto:John.Richardson@ubc.ca


 Introduction 

 
Forest area has declined dramatically in the last centuries, while growing 

human demand for wood and deforested lands is expected to increasingly threaten 

forest habitats MEAForest: Gonzales et al., 2005). Forests play multiple ecosystem 

functions such as biodiversity refuges, biomass production, and carbon sequestration 

(MEAForest: Gonzales et al., 2005). Importantly, more than three quarters of the 

world’s accessible freshwaters come from forested catchments too. Around the world 

forest management objectives have come to include the maintenance of aquatic 

habitats, often by the use of best management practices (Richardson and Danehy, 

2007). Besides riparian reserve (or buffer) zones, alternative management practices 

include thinning or discontinuous buffers of riparian forest. The rationales behind the 

generalization of these practices is that the vegetation right next to freshwaters control 

many ecosystem attributes and properties, while a vegetated buffer is likely to act as a 

filter for sediments and nutrients from altered upslope areas (Allan, 2004). Beyond 

these basic assumptions, the effectiveness of the best management practices for 

freshwaters has still to be proven (Richardson and Thompson, in press). 

A number of ecological indicators are currently used to monitor the 

effectiveness of forestry best management practices for protecting ecological integrity 

in streams. The majority of indicators include obvious biota such as benthic 

invertebrates assuming that community composition and structure match habitat 

conditions (Bailey et al., 2005). Due to their ubiquity and easy sampling, benthic 

algae and fungi are good candidate indicator groups too (Lowe & Pan 1996; Potapova 

& Charles 2006; Lecerf & Chauvet, 2008). Primary producers are often light-limited 

in many forest streams; thus, any change in canopy structure could affect the biomass, 

composition and structure of benthic algae (Kiffney et al., 2004). The structure and 



functions of leaf-decaying fungi are also thought to be affected by any change in 

composition and diversity of riparian plant assemblages (Laitung & Chauvet, 2005; 

Lecerf & Chauvet, 2008). Furthermore, unlike benthic invertebrates, both algal and 

fungal communities are both likely to exhibit rapid response to alterations of 

temperature regime and increased nutrient inputs (Gessner et al., 2007; DeNicola, 

1996); Borchardt, 1996) such as often caused by forest harvesting. Because forest 

harvesting has a myriad of potential impacts on freshwaters (Richardson 2008), 

integrating these ecologically distinct indicator groups into assessment schemes 

should therefore lead to more comprehensive and reliable diagnostics of stream 

ecological integrity than assessments based on a single indicator group. 

Integrating multiple ecological indicator groups is only one step toward 

building a complete picture of ecological integrity of streams altered by forestry. It is 

imperative to also consider both structural and functional aspects of ecosystems 

equally. Current stream assessment schemes are essentially made of structural 

indicators, which are typically based on diversity and composition of selected 

communities and/or abundance of indicator species (Bonada et al., 2006). In contrast, 

there has been little effort to incorporate functional indicators that measure directly 

the stocks of material or energy, or the rate of key ecosystem processes until recently 

(Gessner and Chauvet 2002). For instance, primary and secondary production, and 

leaf decomposition would be relevant to assess stream functional integrity. Even 

though community functional attributes have been successfully applied to bridge the 

gap between structural and functional integrity estimates (Lecerf et al., 2006), 

functional indicators should still be preferred over simple inference based on 

structural indicators given 1) the uncertainty in the shape and strength of biodiversity-



ecosystem function relationships, 2) that no particular taxonomic expertise is required 

for functional indicators. 

In this paper we consider the sensitivity of different structural and functional 

indicators to detect differences among streams affected by different riparian 

management practices. The sites we used are part of a broader experiment started in 

1997 (Kiffney et al. 2003). We hypothesised that the response of different taxonomic 

groups to harvesting would be largely incongruent due to differences in sensitivity to 

the various environmental impacts caused by forest harvesting. We examined each 

taxonomic group for diversity and community structure and for an ecosystem function 

involving this group. Overall, we predict that our selected set of indicators would lead 

us to the conclusion that streams benefit from best management practises. Finally, as 

managers need to use cost-effective indicators for monitoring, we discussed the 

overall relevance of the indicators given the relative costs versus amount of the 

information it offered.  

 
 
Materials and methods 
 

The study area was situated in the Coast Range of the Pacific Coastal 

ecoregion about 45 km east of Vancouver, British Columbia, Canada (122°34′W, 

49°16′N). Mature forest (>70 year old) was dominated by conifers, for the most part 

western hemlock (Tsuga heterophylla (Raf.) Sarg.), western red cedar (Thuja plicata 

Donn) and Douglas-fir (Pseudotsuga menziesii (Mirb.) Franco). Riparian zones and 

young regeneration forest (<10 year old) also included broadleaf species, primarily 

black cottonwood (Populus trichocarpa Torr. & Gray), red alder (Alnus rubra Bong.), 

vine maple (Acer circinatum Pursh) and salmonberry (Rubus spectabilis Pursh.).  



This study included sixteen stream sites flowing through forested watersheds 

established by a 1931 wildfire and were therefore of the same forest age. 

Experimental logging which took place in 1998 for all sites, except for thinned 

reaches which were established in 2005. Three stream reaches were not impacted by 

logging, and used as reference. Four streams were clear-cut to the stream edges and 

represented the worst forest harvesting practices. Three streams reaches were lined 

either by 10-m or 30-m buffer strips, with harvest upland slopes on both sides (width 

50-150 m). One reach of each category had buffer from almost the source to the 

sampling station. Lastly three streams reaches run in thinned forest where 50% of the 

basal areas of trees were cut.  

 

Field and laboratory procedures 

Our assessment was conducted from late spring 2006 to early winter 2007. 

This enabled us to capture long-term cumulative impact of forest harvesting on stream 

ecological integrity whereas many previous studies have been conducted shortly after 

logging (e.g. Kiffney et al., 2003; Haggerty et al., 2004). Each indicator group was 

sampled once during the low flow and warmer period for invertebrates and benthic 

algae or at the period following the peak in litter fall for aquatic fungi. The functional 

metric associated for each group was invertebrate numerical density, as a surrogate of 

biomass in these streams (assuming that forest harvesting cause at most subtle 

variation in community structure and composition: Melody & Richardson, 2007), 

chlorophyll-a content of periphyton as a rapid estimate of algal biomass, and leaf 

breakdown in which leaf-decaying fungi are major players. 

Benthic invertebrates- Benthic invertebrates were sampled in May 2006. Two Surber 

(900 cm2 , 250 µm) samples were taken from shallow riffles and were analysed as a 



single sample. In laboratory, invertebrates were sorted, counted and identified at the 

lowest practical taxonomic resolution according to Merritt & Cummins (1996). 

 

Benthic algae- Benthic algae were sampled in June 2006. Six stones were randomly 

picked from riffles. Three stones were tooth-brushed and hand-washed, leading to 50-

100 mL algal suspension in water. This sample was homogenized prior taking 

subsamples for latter determination of chlorophyll-a concentration (3 replicats) and 

count and identification of diatoms. The total projected stone area was considered as 

the habitat surface effectively colonized by algae. The other set of three stones were 

stored in a cool box and returned fresh in the laboratory for latter analysis of soft-

body algae assemblages. 

Chlorophyll-a was extracted from 5-10 mL of algal suspension after filtration 

on GF/F glass fiber and hot ethanol extraction (10mL of hot 95% ethanol 70C) for at 

least 4 hours. Absorbance of the extract was measured at 750 and 665 nm before and 

after acidification (1-2 drops of 1n HCl). Chlorophyll-a content was subsequently 

corrected for pheophytin. 

Diatom count and identification was performed from a subsample of algal 

suspension cleaned boiling in H2O2 and later addition of KCr2O7. Assemblage of 

soft-body algal on fresh stones was determined by macroscopic observation in the 

field and complemented by microscopic observation of algal scraped from the stone 

surface from a total of a minimum of 15 mounts. Relative abundance was determined 

visually on a surface basis for macrotaxa and from relative dominance in the 15 

mounts obtained by LM. The richness data for macroalgae and soft-body 

microcopical analysis were evaluated together. 



Aquatic fungi and leaf breakdown- We used the mesh bag method to study leaf 

decomposition and leaf-decaying fungi in streams. We used plastic net with 10 mm 

mesh size to ensure the largest invertebrates inhabiting the studied reaches to access 

the leaves. Senescent leaves of alder (Alnus rubra) were collected during natural fall 

and air-dried for several weeks. Nine leaf bags consisting of 5 g of alder leaf litter 

were introduced in each of the 16 streams on October 31 and November 2, 2006. 

Three leaf bags were retrieved at each of the 3 sampling occasions (November 13-16, 

December 4-6 and January 8-12) and returned to the laboratory for determination of 

leaf mass remaining and fungal assemblages in leaves. 

Leaves were washed individually with filtered stream water and distilled water 

to remove sediments and invertebrates which were collected in a 500-μm mesh sieve 

and preserved in 70% ethanol. Five 10mm leaf discs were cut from leaves selected at 

random in each leaf bags. Leaf material remaining in bags was oven-dried at 60 

degree Celsius to constant mass and weighted to the nearest 0.01 g. Then, it was ashed 

at 550 degree Celsius in a muffle furnace to determine ash mass which was subtracted 

to oven-dry mass to determine leaf ash-free dry mass (AFDM) remaining. We used a 

linear model of the proportion of leaf AFDM remaining vs time (days) to determine 

leaf decay rate (k) in each stream. 

The three sets of five leaf discs from each stream were placed together in a 

250 mL Erlenmeyer containing 35 mL of filtered stream water and incubated on an 

orbital shaker (100 rpm) at 10 degree Celsius for 48 hours. Spore suspensions were 

preserved in 50-mL plastic tubes with formaldehyde (2% final concentration) and 

stored at 4 degree Celsius until processing. Spores of aquatic hyphomycetes released 

in the water were counted and identified in an aliquot. Depending on the 

concentration in spores and fine particulate matter, one to four milliliters of the spores 



suspension were filtered on a cellulose membrane filter (pore size 5μm) and the 

spores on the filter were stained with Trypan blue. Five hundreds spores were counted 

and identified on each filter under the microscope (x200). The whole filter was 

scanned when there were less than 500 hundreds spores. 

Data analysis 

 We used one-way MANOVA and ANOVA to assess the effects of the 

different treatments on taxonomic diversity and functional metrics for all indicator 

groups. Orthogonal contrasts were then built to assess 1) the importance of not 

removing overshading canopy (clear-cut vs all other treatments), 2) the effectiveness 

of the best management practices (reference vs 30-m buffer + 10-m buffer + 

thinning), 3) the influence of buffer widths (30-m vs 10-m) and 4) the difference 

between alternative management practices (thinning vs 30-m + 10-m buffer). 

 Non-metric multidimensional scaling (NMDS) and non-parametric ANOVA 

(NP ANOVA) were used to assess the effects of the different treatments on 

community structure. Community similarity between streams was quantified 

according to Bray-Curtis index calculated on relative abundance data. 

 
Results 

Performance of indicators 

Leaf breakdown rate was by far the most relevant indicator for detecting the 

impact of forest harvesting (Table 1). While clear cut sites did not significantly differ 

from unlogged sites or partial logged (P=0.40), breakdown rate was 2.5-times higher 

in reference streams than streams affected by any kind of riparian forest management 

(P = 0.0009; Figure ). Like for other indicator metrics, we did not find any significant 

difference mediated by buffer width and buffer vs. thinning practices (Table 1). 

Neither periphyton chlorophyll nor diatom richness showed statistically significantly 



differences among forest treatments (Figure 1) although for chlorophyll a general 

increase with reduced shading is visible in Fig. 1. Diatom richness showed any 

specific trend in relations to treatments whereas for soft-bodied algae the lowest 

richness was recorded in the reference situations and the highest at the clearcut sites 

although this relationship was not statistically significant and appearently weakended 

by the outlier series with 10 m buffer. Fungal richness on leaves was not relevant 

either.  
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Figure 1: Fungal-, algal- and invertebrate-based indicators (mean + SE) of the 
impact of forest harvesting on streams.  



 
 
Table 1: Effects of different forest management practices on indicators of 
stream integrity. Indicators are classified into 3 categories: brown food web, 
green food web and macrobenthos. For each category, a MANOVA assessed 
differences among treatments. When significant difference (P<0.10), 
univariate ANOVA were conducted to assess the relevance of single metrics. 
Forest treatment effect (df=4) is broken down into 4 orthogonal contrast to 
assess the impact of different management practices. 
 

Indicators all treatments Canopy removal Best management Buffer size thinning vs buffer 
 F P F P F P F P F P 
Fungi MANOVA 3.3 0.0138 2.1 0.1674 16.4 0.0007 0.8 0.4961 0.2 0.8412 
breakdown rate 5.8 0.0094    20.3 0.0009       
richness 0.7 0.6245    0.8 0.3942       
                
Algae MANOVA 0.8 0.6144 0.7 0.5544 0.8 0.5017 1.9 0.2025 0.1 0.9651 
biomass 0.5 0.7343             
diatom richness 1.0 0.4639             
softbodied 
richness 1.3 0.3338             
                
Invertebrates 
MANOVA 2.1 0.0841 3.7 0.0634 3.4 0.0729 1.2 0.3510 1.4 0.2833 
abundance  2.6 0.0955 7.2 0.0211 0.6 0.4583       
richness 2.2 0.1361 2.1 0.1766 6.0 0.0328       

 
 

Communities of diatoms (NPANOVA F = 1.99, P = 0.0107) and soft bodied 

algae (NPANOVA F = 1.49, P = 0.05) significantly differ among treatments. Diatom 

assemblage discriminated between clear cut sites and 10-m buffer sites and between 

30-m buffer sites and 10-m buffer sites (Figure 1). Soft body algae discriminated 

between reference sites and the sites affected by 10-m buffer, thinning and clear-cut 

and between clear cut sites and buffer sites (Figure 1), which was consistent with a 

light gradient. In contrast, assemblage of leaf-decaying fungi did not highlight any 

effect of forest harvesting on streams (NPANOVA F = 1.116, P=0.3664). Invertebrate 

assemblages tended to differ between reference sites and buffer or clear cut sites, and 

between 10m and 30m buffer (Figure 2). However, non significant difference 

according to NPANOVA (F = 1.22, P=0.136) suggest that intra-group variability 

largely confound this pattern.  
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Figure 2: NMDS ordination of assemblages of algae, fungi and invertebrates. 
Polygons represent the domain of variation between sites affected by the 
same treatments (reference = green lines, 30-m buffer = purple lines, 10-m 
buffer = red lines, thinning = dark blue and clear-cut = light blue lines). 
 
 
Table 2: Spearman rank coefficient of correlation among indicators. Square matrix 
significant Rs> 0.67 (P=0.05) or >0.63 (P=0.1) 
 

SPEARMAN 

Leaf 
breakdown 

rate 
Fungal 

richness 
Chlorophyll
-a 

Soft body 
algae 

richness 
Diatom 
richness 

Invertebrate 
density 

Fungal richness 0.03      
Chlorophyll-a 0.43 -0.07     
Soft body algae 
richness 0.21 -0.28 0.46    
Diatom richness -0.45 -0.34 0.17 -0.11   
Invertebrate density 0.18 0.08 0.38 0.37 -0.31  
Invertebrate richness 0.66 -0.09 0.01 -0.02 -0.53 0.36 
  
 
 
 
 
 
Table 3.  Evaluation of the efficiency of different indicators 



 
Indicators Cost in days per 

site 
 

Sensitive to 
forest harvesting 
 

Taxonomic 
expertise 

Fungi    
Leaf breakdown 1.1 Yes No 
Assemblage 2.2 No Yes 
Algae    
Chlorophyll-a 0.2 No No 
Diatom assemblage 1.0 Yes Yes 
Soft body algal 
assemblage 

1.0 Yes Yes 

Invertebrates    
Abundance 3.0 Yes No 
Assemblage 5.5 No Yes 

 
 
Discussion 

An interesting result from this study is that the so-called best management 

practices are unlikely to mitigate all the potential effects of forest harvesting on 

stream ecological integrity. This was clearly shown by the reduction of leaf 

breakdown rate and invertebrate diversity caused by partial forest harvesting 

irrespective of the protection measure applied. In a previous study based on the same 

indicators, Kreutzweiser et al. (2008) suggested that riparian reserves should ne be as 

adequate for stream conservation as initially thought. Thus, consistent findings across 

distant regions indicate that best management practices could not be as efficient as 

initially thought. The rationale behind these harvesting practices was the belief that 

riparian canopy opening and mechanical alterations of stream banks would be the 

main drivers of destabilized stream ecosystems. In fact, if these assumptions are true 

in a short term after harvesting (Kiffney et al., 2003), it is plausible that clear-cut to 

the stream edge may have only a transient effect on stream ecological integrity 

whereas it has obvious long-term effects on terrestrial biodiversity. A better 

mechanistic understanding of the long term impact of complete and partial forest 

harvesting is warranted to draw any definitive conclusions. 



Leaf breakdown is a vital ecosystem level process in small forest streams 

(Wallace et al., 1997), and thus any change in breakdown rate associated with 

anthropogenic activities is likely to indicate an alteration of stream ecological 

integrity (Gessner and Chauvet, 2002). In addition to the high sensitivity of this 

indicator to forest harvesting, the method to determine breakdown rate is quite 

straightforward and easy to apply by non-specialist. At least it does not require any 

particular taxonomic expertise or sophisticated laboratory equipment. Leaf collection, 

leaf bag construction, and mass loss determination are quite labour intensive, 

however, without mentioning the cost for multiple field trips to set up and remove leaf 

bags. Other drawbacks of measuring leaf breakdown are related to multiple damage 

risks of experiment caused by flood and vandalism, even though these are limited in 

small streams in remote forest area. In spite of that, we still encourage managers and 

researchers to incorporate more systematically leaf breakdown into further 

biomonitoring and research programs. 

Consistently with previous studies, benthic invertebrates were found to be an 

excellent option to monitor the effects of forest harvesting (Stone et Wallace, 1998; 

Haggerty et al., 2004). Not only the invertebrate indicator group was sensitive to 

multiple impacts of forest harvesting but also encapsulates rich information likely to 

discriminate among forest practice types. For instance, invertebrate density and 

richness did not respond to the same forest treatments. On the one hand, an increase in 

invertebrate density was associated with complete canopy removal, probably as a 

result of high amount of high quality food (deciduous leaf litter and algae) in early 

regeneration riparian forest (Stout et al., 1993; Hernandez et al., 2005). On the other 

hand, decrease of taxa richness in partially harvested sites may result from upland 

logging effects mediated by unidentified factors (Kreutzweiser et al., 2008). Again, a 



better mechanistic understanding of the interactions between benthic communities and 

landuse should be useful to develop specific invertebrate-based metrics to assess the 

various impacts of forest harvesting. 

Because primary production is limited by the intensity of photosynthetic active 

radiation, algal biomass should track the gradient of canopy opening ranging from 

unlogged forest to clear cut (Kiffney et al., 2003, 2004). Even though such trend can 

be seen in our dataset (see Figure 1), the variability among stream sites of the same 

category was too strong and the number of samples too low to detect statistically 

significant effects of forest harvesting. For instance, half of the clearcut sites had 

benthic algal biomass in the same range of the values recorded in reference streams 

(<11.0 mg chloro-a / m2) whereas values for the other half of clearcut sites were one 

order of magnitude higher. Likewise, variable pattern in algal biomass has been 

noticed in previous studies on forest logging. Stream-to-stream variations in algal 

biomass in young forest is likely to result from differences in 1) canopy openness 

determined by the product of vegetation height and stream channel width, 2) nutrient 

availability to primary producers, and 3) predator effect size on herbivore activity. In 

addition, it is possible that the treatment effect was obscured by determination bias for 

algal biomass due to patchiness of benthic algae in streams, site-specific temporal 

variation patterns in algal standing crop and even variable chlorophyll-a concentration 

per capita. Disentangling among these sources of variation is critical to improve the 

relevance of chlorophyll-a determination in monitoring programs for streams affected 

by forest management. 

Unlike quantitative data, qualitative analyses of benthic algal assemblages 

seem promising to discriminate among forest harvesting practices. A full evaluation 

of algal assemblages requires a strong and quite uncommon taxonomic expertise, yet. 



Nevertheless, our results suggest that looking at macroscopic soft-bodied algae might 

be a good trade-off between cost and information. The percent cover of stream bottom 

by filamentous algae has been known to be a fairly good index of forest disturbance 

(Hansmann & Phinney, 1973; Kiffney et al., 2003). In contrast to benthic algal 

assemblages, insight into assemblage of leaf decaying fungi has not proved useful in 

this study, probably because the forest management practices do not dramatically alter 

riparian vegetation diversity nor promote establishment of exotic species. For 

instance, altered fungal communities in streams has been connected to forest practices 

leading to monospecific stands of native (Laitung & Chauvet, 2005) or exotic trees 

(Bärlocher & Graça, 2002). 

The importance of incorporating a variety of indicators in assessment schemes 

is highlighted here by an overall low congruence among the metrics included in this 

study. Even though there were some quite obvious association between some metrics 

(Table 2), the probability of misranking sites by using surrogates remains too high to 

safely remove an indicator (Rs≠1 or -1). On the one hand, incongruent patterns 

between structural metrics from distinct indicator groups may be due to the fact that 

different taxonomic groups are characterized by different combinations of biological 

and ecological traits leading to organism-specific response to forest harvesting. On the 

other hand, incongruent patterns between taxonomic richness and functional metrics 

is consistent with the notion that ecosystem functioning is not a simple consequence 

of biodiversity (Hooper et al., 2005). 

To conclude, we showed here that forest harvesting, whether conducted under 

the best management practices or not, can have obvious long term effects on the 

structure and functions of stream ecosystems. In addition, if a full evaluation of the 

potential impacts of forest harvesting on streams requires the use of several 



bioindicators, it is also evident from our data that all indicators are not equally 

relevant. Based on the observed performance and estimated cost of each metric (Table 

3), we propose that leaf breakdown and benthic invertebrates are among the best 

indicators to monitor the impact of forest harvesting upon streams. More thorough 

sampling schemes and data analyses might lead to additional indicators.  
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