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Introduction 
 
 In order to minimize the impacts on fish of human activities such as logging, 
agriculture, and urbanization, managers must understand and be able to accurately 
monitor how these activities affect fish habitat.  Specifically, it is necessary to understand 
what habitat factors are affected, what habitat factors are limiting to fish abundance, how 
these factors interact with each other and which are the best indicators of stream 
condition for monitoring purposes.  Several general approaches have been developed to 
assess stream condition.  One approach is to monitor stream condition in terms of water 
quality.  A widely used water quality monitoring method is the Index of Biotic Integrity 
(IBI), which examines the composition and relative abundance of a set of indicator 
species (usually invertebrates or fish) that are sensitive to impaired water quality.  
Another widely used measure of stream condition is the production of fish, usually 
species that are popular for recreational or commercial fisheries, or that have cultural 
value.  Fish populations can be directly measured, but these measurements require 
significant time and effort to collect.  More rapid assessment methods involve predicting 
fish production based on easily measured physical or chemical habitat factors.  One 
frequently used method, the Instream Flow Incremental Methodology (IFIM), determines 
the area of habitat available at different flow levels.  Other methods involve simple 
capacity modelling using multiple regression  – correlating measurements of habitat 
factors (e.g. pool frequency, cover, substrate size, etc.) with fish abundance to create 
models that predict fish abundance. Capacity models are often species-specific, and are 
most accurate for streams in the same geographic area and morphology to those of the 
streams used to create them.  These models tend to include habitat variables from three 
broad categories: physical, chemical, and biological.  These variables explain different 
proportions of the total variation in fish abundance, but also have different costs in terms 
of the time and effort required for their measurement. 
 
 In this review we examine three major habitat assessment techniques (IBI, IFIM, 
and habitat-based capacity models), and compare the habitat factors measured for each 
technique.  We will also examine the effectiveness of factors from the three categories of 
habitat factors as predictors of habitat capacity, in terms of their contribution to accuracy 
and their cost.  Specifically, the objectives of this review are to 1) describe and assess the 
major habitat assessment approaches, 2) review the major variables that are routinely 
used to assess stream condition and carrying capacity for juvenile salmonids, 3) assess 
the potential increase in predictive ability associated with including estimates of 
biological production in addition to standard physical and chemical habitat variables, and 
4) assess the cost/benefit of using different variables in terms of the information gained 
for the energy (and time/funds) expended. 



Overview of major habitat assessment approaches: 
applications and methods 
 

Index of Biotic Integrity 
 
 The stream habitat assessment approach known as the Index of Biotic Integrity 
was first described by Karr (1981) for several streams in the midwest United States 
(Indiana and Illinois).  The purpose of the IBI was to use fish community attributes to 
evaluate the quality of the aquatic biota, and thereby the quality of the habitat.  Karr 
argued that monitoring biota was an improvement over previous methods for monitoring 
water quality that involved chemical criteria because chemical criteria could be 
misinterpreted due to geographic variation, cumulative effects of contaminants, and 
because short term events occurring between sampling could be missed.  Biotic integrity 
is also an indicator of the overall potential for beneficial uses of the water body, since 
biological communities are sensitive to several kinds of disturbance. 
 
 The IBI methodology involves developing a multimetric index of biological 
attributes.  To begin with, a detailed list of the characteristics of the species in the  
community is put together from the literature and background knowledge of local 
experts, and candidate metrics are selected.  Karr's (1981) selected community were the 
fish of the midwest United States, which were characterized according to their tolerance 
of poor water quality, their family, and their trophic level.  The full list of candidate 
metrics was not included, but they fell into two broad categories: species composition and 
richness, and ecological factors (including abundance of individuals and trophic 
diversity).  The IBI methodology has been adapted for other geographic regions, and to 
have more ecological depth: for example, Breine et al. (2004) and Angermeier and 
Davidneanu (2004) developed fish-based indices for small streams in Belgium and two 
physiographic regions in Romania, respectively.  Both characterized fish communities by 
habit (benthic or non-benthic), trophic position, reproductive strategy, and other factors.  
Angermeier and Davidneanu (2004) examined candidate metrics in five categories: 
species abundance (e.g. total number of fish), tolerance (e.g. proportional abundance of 
tolerant fish), taxonomy (e.g. number of families), reproduction (e.g. number of native 
species maturing at 3 or more years), and feeding (e.g. proportional abundance of 
omnivores). 
 
 The second part of the IBI methodology involves evaluating the metrics and 
determining a scoring system.  The metrics can be evaluated in different ways, such as by 
correlating the metric values for all sites with the site quality, determined using another 
index (Angermeier and Davidneanu, 2004), or by using the literature and cluster or PCA 
analysis (Breine et al., 2004).  Once metrics have been selected, they are assigned a 
scoring system.  The possible range of the metric is divided into high, medium, and low 
quality parts, assigned a high, medium, and low number, respectively.  For example, 
Angermeier and Davidneanu (2004) assigned sites with fewer than 2 families a value of 1 
for that metric, sites with 2 families a value of 2, and sites with three or more families a 
value of 3.  The scores of all of the selected metrics are summed or averaged, and the 
resulting final score determines the biotic integrity class of the site.  The number of 



classes is decided according to the management needs of the group developing the index.  
Finally, the multimetric system is tested against sites that were not used to develop the 
system (see Breine et al., 2004). 
 
 There are problems with the IBI methodology at a number of steps.  Firstly, the 
methodology assumes that the samples collected to develop the index are representative 
of the fish present at the site, especially when the proportional abundance of a group of 
species, such as omnivores, is used as a metric.  Karr (1981) addresses this difficulty by 
suggesting that several samples be collected through the year to account for seasonal 
variation, and that an experienced biologist should judge how representative the samples 
are.  Secondly, the IBI must be redeveloped for each geographic area, due to the variation 
between regions in the ranges of natural variation of the metrics, amounts of human 
alteration, and responses by biota to habitat alteration (Angermeier and Davidneanu, 
2004).  Finally, a critical step in the methodology, developing the scoring system, 
requires the use of an undisturbed reference site for comparison.  Again, expert opinion is 
usually needed to decide that a site is undisturbed, although the literature can be used to 
reduce this need (Angermeier and Davidneanu, 2004).  Overall, the development of an 
IBI requires the input of biologists with extensive knowledge of the regional community 
in order to choose sites, metrics, and scoring systems. 
 
 The scope of IBI assessments has expanded since the methodology was first 
proposed.  The IBI was originally used solely to assess water quality for the US Water 
Quality Act Ammendments of 1972 (Karr, 1981).  The IBI has since been used to 
monitor water quality, manage restoration projects by comparing habitat quality within a 
region (Llansó et al., 2003), and monitor ecosystem health in order to meet government 
standards (the European Water Framework Directive (WFD): Angermeier and 
Davidneanu, 2004; Breine et al., 2004).  The IBI has been applied in many regions of 
North America and Europe, has been adapted to use other communities such as benthic 
invertebrates, and has improved with regard to sensitivity to a wider range of 
disturbances (Karr, 1991).  Although the IBI is not currently able to diagnose the sources 
of disturbance in impacted systems, Angermeier and Davidneanu (2004) have suggested 
that this ability will improve as well. 
 

Instream Flow Incremental Methodology 
 
 The Instream Flow Incremental Methodology was developed by the United States 
Fish and Wildlife Service as a water management tool to predict the impacts of different 
water management alternatives (i.e. flow alterations; Bovee, 1982).  The overall purpose 
of the IFIM is to determine how much water is needed in streams to retain physical 
habitat for aquatic organisms, and therefore how much can be removed for other uses 
(Bovee, 1982; Jowett, 1997).  The IFIM uses computer simulations and mathematical 
functions to predict the impacts of varying flows, and is the most complex stream 
assessment approach discussed in this review.  Its use has been criticised on many levels, 
from its fundamental assumptions to biological applications.  Nevertheless, the IFIM is 
widely used, particularly in North America, and is being applied to problems outside of 
its original scope. 
 



 The IFIM has two main components: the construction of habitat suitability curves 
and the Physical Habitat Simulation (PHABSIM).  For a complete description of the 
IFIM procedures, see Bovee (1982).  The habitat suitability curves describe fish habitat 
use as it varies with a physical habitat factor.  Most IFIM analyses use depth, velocity, 
and substrate in their analyses, and so use suitability curves for each of these factors for 
each species and life history stage of interest.  The curves can be constructed using fish 
distribution data collected in the study streams, from the literature, or using expert 
opinion to adapt pre-existing curves to the current project.  Curves determined using fish 
distribution should use data collected from undisturbed streams at capacity (Mathur et al., 
1985).  The curves are normalized so that the suitability for the habitat factor value with 
the highest fish frequency is one.  The PHABSIM is a computer program that uses data 
on microhabitat availability collected in the field to estimate the area of available habitat 
this is useable by the target organism.  The field collection method to assess instream 
habitat conditions involves selecting cross sectional transects of  the study stream and 
dividing them into intervals (interval spacing decided by investigators).  Surface area, 
average depth, velocity, cover type, and substrate type are measured at each interval.  The 
suitability curve is used to weight the surface area of each interval according to its depth, 
velocity, and substrate suitability values.  The IFIM makes several key assumptions, the 
main ones being (1) there is a positive linear relationship between WUA and biomass of 
fish (2) fish habitat selection is affected by each habitat variable independently (3) the 
habitat variables measured are the limiting factors for fish populations (4) multiple 
preference factors make up the WUA, and (5) fish populations are habitat limited. 
 
 IFIM has been criticised for frequently violating these assumptions, for the 
application of inaccurate suitability curves and WUAs, and for not considering flow 
duration.  The first assumption, that there is a positive linear relationship between WUA 
and fish biomass was unsupported in the majority of studies examined by Mathur et al. 
(1985, 1986).  This assumption cannot be expected to be satisfied if habitat does not limit 
the fish population (assumption 5) (Orth and Maughan, 1986).  The second assumption, 
that fish select habitat variables independently, does not make sense from a biological 
standpoint (Mathur et al., 1985).  Suitability curves created from fish distribution data 
collected in the field cannot be applied to other watersheds without being tested (Mathur 
et al., 1985; Bovee, 1982).  It has been suggested that the curves change with watershed, 
flow, season, and time of day (Mathur et al., 1986), and the curves collected in different 
situations for the same species-lifestage often differ (Mathur et al., 1985).  However, this 
is not always the case, and testing suitability curves can prevent miscalculation of WUAs 
(Jowett et al., 1996).  Orth and Maughan (1986) suggest that variability in suitability 
curves can be reduced by accounting for the habitat availability at the time of sampling 
(however, this claim is disputed by Mathur et al. (1986)).  Suitability curves are often 
treated like probability curves (Mathur et al., 1985), with a value of one 'guaranteeing' the 
presence of a fish; this interpretation is flawed, and contributes to misunderstanding of 
the WUA.  The measurable for the IFIM is the WUA (Jowett, 1997), with the assumption 
that the WUA is proportional to the condition of the stream.  Finally, the IFIM does not 
consider the duration of flows in its analyses, and so can mistake the effects of brief high 
or low flow periods (Jowett, 1997). 
 
 The IFIM has been used widely for its original purpose - flow management – and 
has been used for other applications as well.  These include rehabilitation of rivers in the 



USA and Europe (Jowett, 1997), and as a component of habitat capacity modelling 
(Jowett et al., 1996).  Rehabilitating rivers by adjusting flows, or adjusting flows for any 
management purpose, can result in rivers that are more suited to the target species than 
they naturally would be, with a related decrease in habitat diversity (Jowett, 1997).  
Although flows can be adjusted to seasonally maximize WUA for all of the species of 
interest, this approach should only be attempted by people with biological and 
hydrological expertise (Jowett, 1997).   
 

Another use of WUA is as a component of habitat capacity models.  Jowett et al. 
(1992) used a step-wise multiple regression to compare trout abundance modelled using  
different physical and biological habitat variables, as well as WUA calculated with 
different suitability curves.  They found that the suitability curve used had an impact on 
their results, but that the best fitting curve explained 64% of the variation in trout 
abundance when combined with benthic invertebrate biomass.  Habitat capacity models 
and their applications are considered below. 
 

Habitat Capacity Models 
 
 Habitat capacity models are mathematical models that predict the biomass or 
abundance of fish using measures of habitat based on three general classes of variable: 
physical, chemical, and biological.  Many capacity models have been developed by 
fisheries managers and academics; Fausch et al. (1988) reviewed 99 models produced 
between 1950 and 1985 alone.  The methods used to produce capacity models differ 
between studies.  However, Binns and Eiserman (1979) produced one of the early 
capacity models, the Habitat Quality Index (HQI), using typical methodology.  The HQI 
was constructed using multiple regression analysis, a common method.  The HQI uses 
ratings of several physical and chemical variables, and predicts fish capacity in Oregon 
streams well (within 9% of the measured standing crop), although it transfers poorly to 
streams in other regions (e.g. Bowlby and Roff 1986).  Other models use measurements 
of habitat variables directly, rather than indirectly using composite indices, but achieve 
similar level of accuracy.  Like the IBI and IFIM, habitat capacity models are based on 
several assumptions and have application problems.   
 
 The methods used to produce capacity models vary in their choice of habitat 
variables and statistical techniques.  However, the general methodology is similar for 
most models.  First, the candidate variables are selected using the literature and the 
investigators' understanding of the variables that are likely to influence abundance of the 
species of interest.  The selected variables are then measured in a subset of streams that 
span the range of variation in habitat conditions where the species generally occurs.  
Third, the fish abundance or biomass data for the surveyed sites is collected in the field.  
Fourth, the relationships between the candidate variables and fish abundance or biomass 
are assessed using multiple regression, or other statistical methods.  The predictive 
abilities of individual and candidate variables for fish abundance or biomass are 
determined and a model is constructed.  Finally, the best-fit model(s) are tested by 
comparing observed and predicted fish abundance at independent stream sites.  Like any 
model, the quality of the data and methods used to build the model affect its generality 
and accuracy; large sample sizes and careful interpretation of the scope of the model help 



prevent common misinterpretation problems (Fausch et al., 1988). 
 
 Habitat capacity models make a variety of assumptions depending on the specific 
variables measured, and have several problems with application and interpretation.  One 
assumption common to all habitat capacity models is that habitat (as represented by 
measured habitat variables) is limiting fish production, and not other ecological factors 
such as predation (by humans or other organisms) or competition, (Fausch et al., 1988).  
The next part of this assumption is that fish are always limited by the same habitat 
variables (Modde et al., 1991).  Testing this assumption is difficult, and rarely considered 
by authors of capacity models (Fausch et al, 1988).  There are problems with applying 
models to novel streams, especially concerning the similarity of the study sites to the 
original model sites.  The models are generally only useful in the same geographic region 
as they were constructed (Bowlby and Roff, 1986; Scarnecchia and Bergersen, 1987).  
Generally, models from the same general geographical area can be applied to new 
streams with the most confidence, although the more precise models are often less 
generally applicable (Fausch et al., 1988). 
 
 Capacity models are also limited by the original ranges of the habitat variables 
measured – the models do not perform well when applied to streams where one of the 
variables is higher or lower than the range in the original streams (Fausch et al., 1988).  
This limitation is a basic statistical tenet (relationships cannot be inferred beyond the 
range of measurement), but is easily forgotten when applying models.  Correlations 
between fish abundance or biomass and habitat variables also do not prove causation; 
strong relationships between measured habitat variables and fish abundance can be due to 
correlations with unmeasured variable that actually control fish capacity.  Unless the 
habitat variable is manipulated and fish capacity is shown to change in response to the 
manipulation then causation remains speculative.   
 
 Habitat capacity models have been applied to many management problems and 
scientific questions.  If variables can be rapidly measured, then they can be used to 
predict stream capacity more quickly than direct measurementsof fish abundance, so that 
more streams can be assessed within a limited budget.  They can also be used to assess 
streams that cannot be directly measured, such as streams in which electrofishing is 
impractical due to water chemistry issues (Binns and Eiserman, 1979).  The models can 
be used to predict the impacts of changes to habitat variables, including both habitat 
degradation and restoration effects on fish capacity (Binns and Eiserman, 1979; Fausch et 
al., 1988).  Thus they can be used to improve management of aquatic resources by 
determining specific protection priorities and restoration needs.  They can also be used to 
document changes in stream condition (measured as habitat capacity) over time, or after 
development or restoration.  Habitat capacity models have an advantage over the IBI and 
IFIM methods because creating the models does not necessarily require expert opinion, 
especially when investigators use direct measurements of habitat variables rather than 
expert rating of variables.  Habitat capacity models are therefore more objective and 
quantifiable (Binns and Eiserman, 1979).  Partial r2 of variables in capacity models can 
identify variables that potentially influence fish capacity (Fausch et al., 1988) and help 
focus experimental research to better understand how habitat factors limit fish 
populations.    
 



 Although the three approaches that we have reviewed measure habitat condition 
in different ways, often using similar variables, they are clearly best suited for different 
applications.  The strength and advantage of IBI over other approaches is its’ ability to 
use indicator taxa to detect changes in water quality; indicator taxa will also be sensitive 
to changes in physical habitat conditions, but in this case it is usually easier to simply 
measure changes in physical condition (i.e. percent sediment substrate, etc.) than to apply 
IBI methods.  IFIM is best suited for assessing how changes in flow or habitat structure 
are likely to alter habitat availability.  However, the focus of IFIM on physical habitat 
attributes to the exclusion of biological factors that influence energy flow may undermine 
it’s general application in predicting capacity between streams that differ in productivity 
of prey but are otherwise similar.  If changes in water quality and flows are not the 
primary concern, and the primary goal of monitoring is to evaluate changes in the 
capacity of streams to support juvenile salmonid production, then habitat capacity 
modelling has the greatest potential to identify useful indicators of stream condition and 
capacity, while improving our understanding of the processes that affect fish abundance.   
 

The remainder of this review therefore focuses on the use of habitat capacity 
models to predict capacity of juvenile salmonids, with the specific focus on identifying a 
useful subset of variables that are efficient indicators of stream capacity and condition. 
Below we consider the different types of variables that can be used to measure capacity. 

Variables Commonly Used In Habitat Assessment and 
Monitoring 
 
 Habitat variables used in stream monitoring and capacity assessment usually fall 
into three general categories: physical, chemical, and biological variables.  The IBI 
approach uses only biological variables, and the IFIM uses only physical variables, but 
the capacity models can use combinations of all three.  There are dozens of habitat 
variables that are routinely measured in habitat and capacity monitoring programs (Table 
1; Newbury and Gaboury, 1993; Klemm, and Lazorchak, 1995; FPC 1996; Moore et al., 
1997). 
 
 
Table 1: Many of the physical, chemical, and biological habitat variables measured for habitat capacity 
modelling and habitat monitoring programs in the United States and Canada.  From Newbury and 
Gaboury (1993), Klemm and Lazorchak (1995), FPC (1996), Moore et al. (1997), Binns and Eiserman 
(1979), Jowett (1992), Grant and Kramer (1990), and Scarnecchia and Bergersen (1987). 

Physical Chemical Biological 

Average gradient Bank angle pH Predator presence 

Average depth Bank incision Cations and anions ATP of suspended 
solids 

Average bankfull 
width 

Bank undercut Nitrate nitrogen benthic algae 
biomass 



Physical Chemical Biological 

Average wetted 
width 

Valley floor shape Soluble reactive 
phosphate 

macrophytes 

Elevation Valley shape iron Riparian vegetation 
structure 

Stream order Valley width index manganese Chlorophyll a 

Channel type (riffle, 
pool, etc) 

Primary/secondary 
channel 

turbidity Periphyton 

Aggrading/ 
degrading 

Channel unit length colour Periphyton alkaline/ 
acidity phosphatase 

Cross sectional area Channel unit width Dissolved organic 
carbon 

Sediment 
metabolism 

velocity Channel unit slope Monomeric 
aluminum 

Benthic invertebrates

Summer low 
discharge 

Winter temperature conductivity Fish 

Average discharge Maximum 
temperature 

Dissolved oxygen Fish tissue 
contaminants 

cover Ease of bank erosion Sediment toxicity amphibians 

sinuosity Photosynthetically 
active radiation 

alkalinity Coarse particulate 
organic matter 

Eddies and aeration 
zones 

WUA hardness Fine particulate 
organic matter 

Sediment size Large woody debris 
size 

 Invertebrate drift 

Substrate diversity Large woody debris 
location 

  

Available space    

 
 Habitat capacity models to predict salmonid abundance have included many 
variables from each of these categories.  Several physical habitat variables are 
consistently correlated with salmonid abundance, while others are important only in 
individual studies.  Consistently good predictors include the proportion of the study 
reach, either length or area, made up of pools (Scarnecchia and Bergersen, 1987; Modde 



et al., 1991; Bowlby and Roff, 1986; Sharma and Hilborn, 2001; and Davies, 1989), 
channel width (Binns and Eiserman, 1979; Rosenfeld et al., 2000; and Davies, 1989), 
cover availability (Binns and Eiserman, 1979; Bowlby and Roff, 1986; and Fausch and 
Northcote, 1992), and the maximum temperature of the stream (Binns and Eiserman, 
1979; Bowlby and Roff, 1986; and Davies, 1989).  Variables with partial success include 
measures of substrate size or type (correlation: Binns and Eiserman, 1979; Scarnecchia 
and Bergersen, 1987; and Davies, 1989; Coulombe-Pontbriand and Lapointe, 2004; no 
correlation: Bowlby and Roff, 1986), stream depth (correlation: Fausch and Northcote, 
1992; Davies, 1989; no correlation: Binns and Eiserman, 1979; Scarnecchia and 
Bergersen, 1987).   
 

Effectiveness of chemical variables were inconsistent as well; Scarnecchia and 
Bergersen (1987) found that nitrate correlated with salmonid density but alkalinity, 
conductivity, and water hardness did not, while Binns and Eiserman (1979) found the 
opposite pattern.  Davies (1989) also found no correlation between salmonid density and 
phosphate, nitrate, turbidity, alkalinity, conductivity, or pH, whereas Ptolemy (1993) 
found conductivity to be a good predictor of maximum juvenile salmonid capacity. 

 
Most variables that are measured in habitat surveys of stream condition or 

capacity are physical habitat or basic chemical ones because their collection is usually 
fairly straightforward.  In contrast, collection of biological variables is usually more time 
consuming and almost always involves some sort of processing or laboratory analysis.  
For this reason, indicator variables usually focus on physical measures of habitat.  
However, physical habitat is only one of the major ecological axes that influence fish 
abundance; physical habitat will determine the quantity of habitat available for fish, but 
the quantity of prey may vary independent of physical habitat, resulting in significant 
unexplained variation in both prey and fish abundance for a given quantity of physical 
habitat.  Below we consider the increase in predictive ability for modelling capacity that 
has been observed in different capacity modelling studies. 

Effectiveness of biological variables in improving 
capacity estimates 
 Biological habitat variables provide information on the amount of food available 
as well as potential predator impacts, but they are rarely measured directly.  Surrogate 
measures of the productivity of lower trophic levels (e.g. algal biomass, chlorophyll a, 
invertebrate biomass) are usually measured, and it is assumed that their relative 
productivity should correlate well with the production of prey supporting fish. Three 
studies examined in this review measured benthic invertebrate biomass or 
microcommunity biomass as correlates of food availability, and found significant 
relationships with salmonid density (benthic invertebrate abundance R = 0.57, p <0.05, 
Binns and Eiserman, 1979; r = 0.557, p<0.001, Jowett, 1992; and microcommunity 
biomass, r = -0.66, p = 0.0001, Bowlby and Roff, 1986).  While both Jowett (1992) and 
Binns and Eiserman (1979) found the expected positive correlation between benthic 
invertebrate biomass and fish abundance, Bowlby and Roff (1986) found a negative 
correlation between microcommunity and fish biomass; this was attributed to the 
significance of microcommunity biomass not an index of prey abundance, but as a 
negative correlate of groundwater discharge, which was inferred to be a critical indicator 



of good trout habitat. 
 

Two of these studies also examined the effects of predator and competitor 
presence; one found that predator presence correlated with salmonid density (Bowlby and 
Roff, 1986) while the other found that presence of competitors was not related to 
salmonid density (Jowett, 1992).  This small sample of studies indicates that biological 
variables can improve habitat capacity models, and by a large amount: Jowett (1992) 
found that benthic invertebrate biomass accounted for 45% of variation in salmonid 
abundance. 

 
 Physical variables that relate to biological ones are sometimes used to infer food 
availability.  Binns and Eiserman (1979) used such an index for their HQI.  They used 
maximum summer stream temperature, nitrate, substrate, and water velocity ratings to 
infer food availability for trout.  They had used a measurement of benthic invertebrate 
biomass in an earlier model, but they deemed the laboratory analysis of the benthic 
invertebrate samples to be too time consuming and therefore developed a food index.  
Other authors have used this HQI model (e.g. Scarnecchia and Bergersen, 1987) with 
some success. 
 
 As observed by Binns and Eiserman (1979), whether a variable is worth 
measuring will depend on the sampling effort required relative to the incremental 
increase in predictive ability associated with its inclusion in a capacity model, as 
discussed below. 

Costs and Benefits of Commonly Used Habitat Variables 
 
 The time and monetary commitment necessary to collect different suites of habitat 
variables range from a few hours in the field to a few days in the laboratory.  In general, 
physical habitat and basic chemical variables (e.g. conductivity) have been most 
commonly measured for routine management and assessments of capacity.  In contrast, 
measurement of biological variables may be much more time consuming, and may 
require a significant time investment for sample processing in the laboratory.  
 

Percent pool, bankfull width, and other basic measures of physical habitat 
structure are relatively easy to measure in the field, requiring only a tape measure and a 
basic knowledge of channel morphology.  Cover is a more subjective measurement, as 
many features constitute cover for fish, including deep water, overhanging banks and 
vegetation, boulders, and large woody debris (Bisson et al., 1982).  Experienced field 
personnel are better able to consistently collect cover data (Binns and Eiserman, 1979; 
Scarnecchia and Bergersen, 1987).  Maximum summer temperatures can be determined 
using temperature data from a data-logger, or multiple visits to the site.  Data-loggers can 
be a significant expense, especially if the project involves multiple sites.  However, if the 
investigators already have data-loggers then the effort involved in collecting these data is 
minimal.  Other physical variables do not provide as much of a benefit in terms of 
explaining variation in salmonid capacity data as these variables, but they are also 
relatively easy to collect. 

 
 Chemical habitat variables are either measured in the field (e.g. pH, conductivity) 



or by collecting water samples that are then analysed in the laboratory (e.g. nitrate, 
phosphate).  Field measurements require some equipment but little time or training to 
collect, and the required equipment is usually readily available.  Laboratory analysis of 
nutrients (e.g. nitrogen, phosphorous) in water samples can be relatively expensive, and 
have not been demonstrated to be consistently good predictors of stream productivity. 
 
 Biological habitat variables such as benthic invertebrate biomass or abundance 
and presence of predators are time consuming to measure, and it is not clear whether the 
additional power to explain variation in fish biomass is worth the effort of their 
measurement. The absence of these variables in routine monitoring of capacity suggests 
that most managers have decided that their cost exceeds their benefit.  Correlates of algal 
biomass (benthic chlorophyll a, ash weight of periphyton) are the simplest to collect and 
process in the laboratory, but algal abundance in streams is both spatially and temporally 
variable.  Benthic invertebrate biomass is frequently collected as an index of the 
abundance of the secondary trophic level, usually collected with a device such as a 
Surber sampler.  Individual algal and benthic samples do not take much time to collect in 
the field, but replication and randomization may significantly increase time demands.  
However, the field time required to collect algal and in particular benthic invertebrate 
samples is small compared to the time required for laboratory processing.  Algal samples 
can be extracted in a solvent and measeured relatively quickly in a spectrophotometer, 
but benthic samples require far more time for sorting, identifying, and measuring 
invertebrates, as well as laboratory space, microscopes, and significant training of 
personelle to identify invertebrates to varying degrees of taxonomic resolution.   
 

The presence of predators such as piscivorous fish must be measured with a 
technique that is unlikely to deliver a false negative.  Electrofishing or seining are two 
methods that would allow surveyors to determine the presence of predators. These 
techniques require training and substantial field time to perform.  If fish abundance is 
being measured, then presence of aquatic predators and competitors will be sampled 
simultaneously.  If surrogate habitat variables are being measured to estimate juvenile 
salmonid capacity with the explicit intention of avoiding time-consuming fish collection, 
then presence of predators can only be noted by visual assessment or other rapid 
assessment procedures. 

 
One the whole, it would seem that simple physical and chemical measurements of 

habitat give the best cost\benefit in terms of ability to predict capacity for effort 
expended.  However, it is important to note that there has been few formal assessments or 
cost-benefit analyses of the effectiveness of using different variables, in particular 
biological ones.  In particular, there has been limited research into the measurement or 
derivation of more easily measured correlates of prey abundance other than benthic 
invertebrate samples, or the development of composite indices of capacity that integrate 
measures of physical habitat and biological productivity.  We consider some potential 
alternative variables in the section below. 

Novel or composite indicators of stream condition and 
capacity 
 



Indices of prey abundance for salmonids in streams have usually focused on 
benthic invertebrate biomass estimates.  This is somewhat surprising, since salmonids are 
drift-feeders, and it would seem logical that measures of drift abundance would represent 
a more accurate index of prey abundance than benthic invertebrate biomass.  Although 
invertebrate drift and benthic samples may require approximately the same amount of 
effort to collect in the field, they are far easier to process in the laboratory because of a 
lesser quantity of organic detritus and much smaller numbers of organisms.  Whether 
drift is a better correlate of prey abundance than benthic abundance will depend in part on 
the spatial and temporal variation in drift vs. benthic samples, and the number of 
replicates required to arrive at an accurate estimation of drift vs. benthic biomass.  There 
may be a pre-conception among stream ecologists that invertebrate drift is more variable 
because of the episodic emergence of aquatic invertebrate adults.  Whether invertebrate 
drift is an accurate or cost-effective index of prey abundance suitable for capacity 
modelling for research or management purposes remains to be determined. 
 
 Invertebrate prey availability in streams comes from two sources: terrestrial 
invertebrates that fall onto the stream surface, and in situ invertebrate production within 
the stream itself.  The nature of the riparian vegetation (coniferous vs. deciduous) may 
have a significant impact on terrestrial invertebrate inputs because deciduous trees 
support a greater terrestrial invertebrate biomass (Allan et al.2003).  Canopy closure also 
affects light limitation to the stream, which may in turn influence benthic algal and 
invertebrate production.  Consequently, canopy closure has been commonly used as an 
easily measured variable related to light limitation of primary production in streams. 
 

In situ invertebrate production in streams is based on either algal production 
(typically indexed by chlorophyll a) or consumption of detrital organic matter of 
terrestrial or aquatic origin.  Unlike chlorophyll a, benthic detrital biomass is rarely 
measured as a surrogate of the availability of food for secondary producers.  Abundance 
of benthic organic matter may therefore be a potentially useful correlate of the abundance 
of prey for juvenile salmonids that may be easier to measure than benthic invertebrate 
biomass.  Time required to measure detrital abundance will depend on the technique used 
to estimate it, e.g. visual estimates of abundance based on percent cover of the stream bed 
would be relatively quick, while biomass estimates would be much more time 
consuming.   

 
There is a general recognition in stream ecology that increased habitat complexity 

results in greater productivity.  Habitat complexity is usually measured in terms of 
channel roughness, which is created by surface roughness of channel substrates as a 
smaller scale, and channel bedforms at a larger scale.  Habitat complexity or roughness is 
therefore a function of substrate particle size (larger particles are rougher), channel 
features such as LWD, and larger bedforms associated with vertical (differences in 
pool/riffle depth) and horizontal (meanders, bars) bedforms that collectively reduce 
current velocity and shear stress.  Channels with the lowest level of hydraulic roughness 
are essentially pipes with smooth surfaces, e.g. channelized streams.  Channels with the 
highest level of complexity typically have abundant large woody debris and a LWD-
forced pool-riffle structure.  The direct consequence of channel roughness is that flow 
velocities and shear stress are reduced for a channel of a given slope and discharge, and 
small scale heterogeneity in flow increases. 



 
Increased channel complexity results in greater biological productivity through a 

variety of mechanisms.  Greater complexity provides refuges from predation for both 
invertebrate prey and different size classes of fish, as well as hydraulic refuges from high 
flows.  Increased complexity and channel roughness also leads to greater organic matter 
retention because of an increase in the abundance of depositional habitats where organic 
matter can accumulate.  To some extent any correlation between juvenile salmonid and 
benthic organic matter abundance could be related to both greater retention of organic 
matter (and presumably greater invertebrate prey abundance), as well as a more 
hydraulically benign environment for drift-feeding fish that should result in higher 
capacity regardless of the effects of complexity on organic matter retention.  Greater 
channel complexity may thus lead to both greater prey abundance and more optimal 
hydraulics for fish, and both factors may lead to increased capacity, but in practice it may 
be difficult to separate the two mechanisms to determine causation. 

 
Habitat complexity may therefore be a master variable that correlates well with 

stream productivity and capacity to rear juvenile salmonids, as indexed by channel 
roughness.  The data requirements for measuring and indexing channel roughness 
therefore bear investigating, although it should be noted that many common physical 
correlates channel structure, such as pool frequency or LWD abundance are direct 
correlated of channel roughness, and it remains to be seen whether an index of channel 
roughness i) gives a better prediction of capacity than these related variables, or ii) is 
easier to collect.  Observed critical shear stress relative to expected critical shear stress 
based on average reach slope and bankfull depth may be an effective reference index of 
stream condition relative to an expected benchmark condition (Buffington et al. 2004). 

 
It is also worth noting that the Channel Assessment Procedure (Hogan, 1996) that 

indexes stream condition based on the degree of degradation of aggradation of a stream 
channel is also an assessment of channel roughness, since both aggradation and 
degradation lead to a decrease in roughness, through effects on both bedforms and loss of 
functional LWD. 

 
 It is also worth considering some more classic indices that have been used for 
indexing capacity and productivity of lake ecosystems.  The morpho-edaphic index 
(Ryder 1965) is one that immediately comes to mind.  The morpho-edaphic index was 
proposed as a simple composite index that correlates well with expected lake 
productivity, and is the ratio of Total Dissolved Solids to mean lake depth (TDS/depth).  
Total dissolved solids is positively correlated with both nutrient and phytoplankton 
biomass, and mean depth is negatively correlated with the extent of the productive littoral 
zone.  An ecological equivalent in streams might be Total Dissolved (or suspended) 
Solids (as determined by filtration) divided by percent pool, with the same 
rationalization.  Total dissolved or suspended solids at baseflow would reflect biological 
production (both primary production and shredding activity on detritus leading to 
suspension of fine organic matter) while percent pool may represent availability of 
suitable habitat for fish.  It may not be necessary or useful to express the two as a ratio (as 
opposed to using the variables in simple regression), but this illustrates how basic 
limnological concepts may be fruitful when applied to monitoring and assessment of 
capacity in streams. 



 
 This brief overview identifies only a small number of potentially novel variables 
that may prove useful for monitoring capacity of streams to rear juvenile salmonids.  At 
present the efficiency or effectiveness of any of these variables remains speculative, and 
will require targeted research to evaluate their usefulness. 
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